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Benthic—pelagic coupling in shallow estuarine and coastal environments is an important mode of
particle and solute exchange and can influence lag times in the recovery of eutrophic ecosystems. Links
between the water column and sediments are mediated by particulate organic matter (POM) deposition
to the sediment and its subsequent decomposition. Some fraction of the regenerated nutrients are
returned to the water column. A critical component in modeling sediment fluxes is the organic matter

Keywords: flux to the sediment. A method is presented for estimating POM deposition, which is especially difficult
fssg:ﬁg; to measure, by using a combination of long term time series of measured inorganic nutrient fluxes and
Chesapeake Bay a mechanistic sediment flux model (SFM). A Hooke—Jeeves pattern search algorithm is used to adjust
ammonium organic matter deposition to fit ammonium (NHJ) flux at 12 stations in Chesapeake Bay for up to 17
sediment oxygen demand years.

diagenesis POM deposition estimates matched reasonably well with sediment trap estimates on average (within

10%) and were strongly correlated with previously published estimates based upon sediment chloro-
phyll-a (chl-a) distribution and degradation. Model versus field data comparisons of NH; flux, sediment
oxygen demand (SOD), sulfate (SO?{) reduction rate, porewater NH;, and sedimentary labile carbon
concentrations further validated model results and demonstrated that SFM is a powerful tool to analyze
solute fluxes. Monthly model-field data comparisons clearly revealed that POM decomposition in the
original SFM calibration was too rapid, which has implications for lagged ecosystem responses to
nutrient management efforts. Finally, parameter adjustments have been made that significantly improve
model-field data comparisons and underscore the importance of revisiting and recalibrating models as
long time series (>5 years) become available.

© 2012 Elsevier Ltd. All rights reserved.

1. Introduction

Strong coupling between pelagic and benthic habitats is
a fundamental feature of most shallow coastal aquatic ecosystems
(Nixon, 1981; Kamp-Nielsen, 1992; Kemp and Boynton, 1992;
Soetaert and Middelburg, 2009). A primary mechanism that
connects benthic and pelagic habitats is the downward transport of
organic material, which may be composed of senescent algal cells,
zooplankton fecal pellets, and relatively refractory organic
compounds imported from marshes or rivers. Organic matter that
reaches the sediment drives sediment biogeochemical processes
and resultant nutrient fluxes (Jensen et al., 1990), feeds benthic
organisms (Heip et al., 1995), and can control sediment oxygen
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demand (Kemp and Boynton, 1992). Despite the importance of
particulate organic matter (POM) deposition to coastal sediment
processes, few direct measurements have been made because of
the inherent difficulty in deriving depositional rates from sediment
traps (e.g., Buesseler et al., 2007), especially in shallow coastal
waters where resuspended sediment material can accumulate in
traps (Kemp and Boynton, 1984; Hakanson et al., 1989; Kozerski,
1994; Gust and Kozerski, 2000).

Eutrophication is a common phenomenon in coastal aquatic
ecosystems where increased nutrient loading from the adjacent
watershed promotes increased phytoplankton growth that
degrades water quality (e.g. hypoxia and harmful algal blooms,
Cloern, 2001; Diaz and Rosenberg, 2008; Nixon, 1995). Typically,
nutrient stimulated phytoplankton growth leads to higher rates of
POM deposition, and thus higher rates of sediment oxygen demand
(SOD) and sediment—water nutrient fluxes (e.g., Kelly and Nixon,
1984; Kelly et al., 1985). Eutrophication mitigation via reductions
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in nutrient and organic carbon loads to estuaries has become a goal
of most water management agencies (Boesch et al., 2001; Conley
et al,, 2002). To evaluate and predict the consequences of such
eutrophication mitigation strategies, observational data are linked
to models of varying complexity that include linked hydrodynamic
and biogeochemical processes, including sediment process models
(Cerco and Cole, 1993; Lin et al., 2007).

In shallow coastal ecosystems, the need for sediment process
models is especially important. In very shallow ecosystems (<5 m),
sediments may be populated by submerged vascular plants and/or
benthic algal communities, both of which modify sediment
biogeochemical reactions via nutrient uptake and sediment
oxygenation (Miller et al., 1996; McGlathery et al, 2007). In
moderately shallow systems (5—50 m), pelagic—benthic coupling
involves sediments as sites for high rates of nutrient recycling
(Cowan et al., 1996) and oxygen consumption (Kemp et al., 1992).
Depleted bottom-water O,, a common feature of eutrophication,
complicates predictions of sediment nutrient exchange because
low O, concentrations exert control over sediment biogeochemical
reactions (Middelburg and Levin, 2009; Testa and Kemp, 2012).
Models of sediment diagenetic processes can be used to simulate
exchanges of particulate and dissolved substances between the
water column and sediments. Such models are particularly useful
to simulate nutrient storage in sediments and resulting delays in
ecosystem recovery following eutrophication abatement (Conley
et al., 2009; Soetaert and Middelburg, 2009).

In general, sediment process model structures range from
relatively simple empirical relationships to more complex process
simulations that include time-varying state variables (Boudreau,
1991b; Cerco and Noel, 2005). Simple model representations
include assigning a constant O, or nutrient sediment—water flux
(e.g., Scully, 2010) or using basic parameterizations of sediment—
water flux as a function of overlying water conditions (Fennel
et al., 2006; Hetland and DiMarco, 2008). More complex process
models may simulate one or two layers, each of which represent
a particular chemical environment, and such models tend to
demand limited computational effort (Emerson et al., 1984; Di Toro,
2001). Process models may also resolve depth into several layers,
allowing for simulations of pore-water constituent vertical profiles
(Boudreau, 1991a; Dhakar and Burdige, 1996; Soetaert et al., 1996;
Cai et al., 2010). Depth resolution in such complex models is usually
associated with high computational demand, therefore Iless
vertically-resolved models are commonly used when sediment
biogeochemical models are coupled to water column models (Cerco
and Noel, 2005; Sohma et al., 2008).

A sediment biogeochemical model was developed to link to
spatially articulated water column models describing biogeo-
chemical processes at a limited computational cost (Di Toro,
2001). This sediment flux model (SFM) separates sediment reac-
tions into two layers and generates fluxes of key solutes (e.g.,
nitrogen, phosphorus, silica, dissolved oxygen (0;), sulfide, and
methane). SFM has been successfully integrated into water quality
models in many coastal systems, including Massachusetts Bay
(Jiang and Zhou, 2008), Chesapeake Bay (Cerco and Cole, 1993;
Cerco, 1995; Cerco and Noel, 2005), Delaware’s Inland Bays (Cerco
and Seitzinger, 1997), and Long Island Sound (Di Toro, 2001). SFM
can also be used as a stand-alone diagnostic tool in sediment
process studies, especially over seasonal to decadal time scales.
For example, it has been used to simulate sediment dynamics in
the Rhode Island Marine Ecosystem Research Laboratory (MERL)
mesocosms (Di Toro and Fitzpatrick, 1993; Di Toro, 2001). Such
a stand-alone sediment modeling tool, when combined with
high-quality time series observations, can be used for parameter
optimization, scenario analysis, and process investigations.
We direct the reader to Di Toro (2001) for a comprehensive

description of the development, calibration, theory, and applica-
tion of SFM.

The purpose of this study is to: (1) utilize a stand-alone version
of SFM to support and analyze sediment process observations at
a variety of Chesapeake Bay stations; (2) use SFM to estimate
organic matter deposition to sediments in Chesapeake Bay; and (3)
calibrate and validate SFM predictions with a multi-decadal time-
series of water column concentrations and sediment—water
exchanges of nutrients and O, at 12 stations in Chesapeake Bay.
We focus our process studies on NH}, NO3 and O, fluxes. SEM also
computes phosphorus and silica fluxes and the calibration and
validation of these fluxes will be the focus of a companion paper
(Testa et al., in press). It is suggested that SFM can serve as a widely
applicable tool for a variety of coastal ecosystems to aid in sediment
processes and water quality investigations.

2. Methods

SFM was previously calibrated and validated in Chesapeake Bay
for the years 1985—1988, using sediment—water flux and
overlying-water nutrient and O, data that were available at that
time for 8 sites (Chapter 14 in Di Toro, 2001). More than two
decades later, data availability has expanded. New calibration and
validation can improve SFM simulation skill for Chesapeake Bay
and can demonstrate its utility as a stand-alone tool available for
use in other systems. In this paper we describe and analyze SFM
performance in the upper portion of Chesapeake Bay using field
data from 12 stations (Fig. 1) over 4—17 year time series. SFM can be
run on a personal computer, executing a 25-year run on the time-
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Fig. 1. Map of northern Chesapeake Bay, on the east coast of the United States (inset),
showing the locations where sediment flux model (SFM) simulations were compared
to Sediment Oxygen and Nutrient Exchange (SONE) observations.
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scale of seconds, and a MATLAB interface is available for input
generation, model execution, post-processing, and plotting.

2.1. General model description

What follows is a brief summary of the structure and initial
calibration of SFM (Di Toro and Fitzpatrick, 1993; Di Toro, 2001).
The modeling framework encompasses three processes: (1) the
sediment receives depositional fluxes of particulate organic carbon
and nitrogen from the overlying water; (2) the mineralization of
particulate organic matter produces soluble intermediates that are
quantified as diagenesis fluxes; and (3) solutes react in the aerobic
and anaerobic layers of the sediment and portions are returned to
the overlying water (Fig. 2). The model assumes that organic matter
mineralization is achieved by denitrification, sulfate reduction, and
methanogenesis. Carbon is first utilized by denitrification (which is
calculated independently) and any remaining carbon is processed
by sulfate reduction until SOz~ becomes limiting, after which
methanogenesis occurs. To model these processes, SFM numeri-
cally integrates mass-balance equations for chemical constituents
in two functional layers: an aerobic layer near the sediment water
interface of variable depth (H;) and an anaerobic layer below that is
equal to the total sediment depth (10 cm) minus the depth of H;
(Figs. 2—4). The SFM convention is to use “0” when referring to the
overlying water, “1” when referring to the aerobic layer, and “2”
when referring to the anaerobic layer. A strict mass-balance
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Fig. 2. Generic schematic diagram of the sediment flux model (SFM), including state
variables, transport and biogeochemical processes, and boundary conditions. Note that
the depths of the aerobic (H;) and anaerobic (H,) layers vary over time.

approach is used to compute temporal changes in concentrations
of particulate and dissolved constituents, which in turn produce
fluxes across the volume boundaries.

The general forms of the equations are presented in Table 1 (Eqgs.
(1) and (2)). For example, one can replace Cr; with NHy; to compute
the change in NH; concentration in the aerobic layer (Eq. (1) in
Table 1). The governing equations are mass balance equations that
include biogeochemical reactions ((K% /K101)Cr1) and dissolved and
particulate mixing (i.e., burial; w,Crq, diffusion of dissolved mate-
rial from the overlying water column; Kjo1(fj0Cro — fa1Cr1) and
between layers; Ki12(fa2Cr2 — f¢1Cr1), and mixing of particulate
material between layers;w12(fp2Cr2 — fp1Cr1): see Egs. (1) and (2) in
Table 1).

Dissolved O, concentrations are not modeled as a state variable
in SFM, but concentrations in each layer are determined as follows.
In layer 2, the anaerobic layer, O,(2) is assumed to be zero. Because
0,(0), the overlying water concentration, is a boundary condition,
a linear decline is assumed from O,(0) to zero (O»(2)) in the aerobic
layer, thus Oy(1) = (02(0) + 02(2))/2 = 0,(0)/2.

A key to this model is an algorithm that continually updates the
thickness of the aerobic layer, Hy, by computing the product of the
diffusion coefficient (Dp,) and the ratio of overlying-water O
concentration ([O2(0)]) to sediment oxygen demand (SOD).

Hy = Do,

This relationship was perhaps first suggested by Grote (1934) —
quoted by Hutchinson (1957) — and verified by measurements
(Jorgensen and Revsbech, 1985; Cai and Sayles, 1996). The inverse of
the second term on the right hand side of Equation (1) is the surface
mass transfer coefficient (Kjo; = (SOD/[0,(0)]) = (Do,/H1); Eq.
(5) in Table 1). The surface mass transfer coefficient controls solute
exchange between the aerobic layer and the overlying water
column. The model uses the same mass transfer coefficient for all
solutes since differences in the diffusion coefficients between
solutes are subsumed in the kinetic parameters that are fit to data
(Chapter 3 in Di Toro, 2001; Fennel et al., 2009). The SOD in
Equation (1), which is computed as described below, also depends
on the thickness of the aerobic layer. Therefore, the equation for
SOD is nonlinear. It is solved numerically at each time step of the
simulation.

Dissolved and particle mixing between layers 1 and 2 (K;12 and
w12, EQs. (6) and (7) in Table 1) are modeled as a function of passive
transport and proxies for the activities of benthic organisms. K1,
enhancement due to benthic activity is parameterized directly, that
is, the dissolved mixing coefficient (D4) was increased such that
Ki12 is 2—3 times molecular diffusion (Matisoff and Wang, 1998).
The rate of mixing of sediment particles (w12; Eq. (7) in Table 1) by
macrobenthos is quantified by estimating the apparent particle
diffusion coefficient (D,; Chapter 13 in Di Toro, 2001). In the model,
particle mixing is controlled by temperature (1st term in Eq. (7) in
Table 1; Balzer, 1996), carbon input (2nd term in Eq. (7) in Table 1;
Robbins et al., 1989), and oxygen (3rd term in Eq. (7) in Table 1; Diaz
and Rosenberg, 1995). In order to make the model self-consistent,
that is to use only internally-computed variables in the parame-
terizations, the model assumes that benthic biomass and therefore,
particle mixing is correlated with the amount of labile carbon (e.g.,
POC;) present in the sediment. However, if excess carbon loading
creates unfavorable oxygen conditions, the model accumulates this
as benthic stress (S in Eq. (7) in Table 1). As O, decreases, 1 — ksS
approaches zero. After the stress has passed, the minimum is
carried forward for the rest of the year in order to simulate the
observation that benthic communities do not recover until the
following year (Diaz and Rosenberg, 1995).
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Fig. 3. Schematic representation of nitrogen transport and kinetics in the sediment flux model (SFM). Panels a & b represent the dynamics of the NH} and NO3 models, respectively.
Note: (1) there is no diagenesis (ammonification) in layer 1 (panel a). (2) there is no source of nitrate in the anaerobic layer, as no O, is present (Panel b).

2.2. Ammonium flux

NHj concentrations are computed for both aerobic and
anaerobic layers via mass balances of biogeochemical and phys-
ical processes. Fig. 3a shows the sources and sinks of NH; in the
model. NHj is produced by organic matter diagenesis (Jy in
Fig. 3a, J12 in Eq. (10) in Table 1) in the anaerobic layer, while in
the aerobic layer, NH} is converted to nitrate (NO3) via nitrifi-
cation via a first order reaction rate (kyy; ;) (Fig. 3a) with Monod

kinetics (Eq. (8) in Table 1). Mass-transfer coefficients are
employed to model diffusion of NH; between the anaerobic and
aerobic layers (Ki12) and between the aerobic layer and the
overlying water (Kjo1).

Calculation of nitrification (i.e., the oxidation of NH, to NO3) is
a good example of a process that depends on the depth of Hj. The
nitrification rate expression in the mass balance equations for NH}
is a product of the aerobic layer nitrification rate (kyy: ;) and the
depth of the aerobic layer (Fig. 3a):
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Fig. 4. Schematic representation of the sulfide model, with both solid and particulate phases and associated transport (Panel a), as well as the methane model which includes
oxidation, diffusion, and bubble formation (Panel b). The oxygen uptake associated with these two models is added to nitrification-associated oxygen uptake to calculate sediment

oxygen demand.



D.C. Brady et al. / Estuarine, Coastal and Shelf Science 117 (2013) 107—124 111

D knmj 1

2
K01 2)

kNHj{,]Hl =
The product Dyy-kny: 1 is made up of two coefficients, neither
of which is readily measured. The diffusion coefficient in a milli-
meter thick layer of sediment at the sediment water interface may
be larger than the diffusion coefficient in the bulk of the sediment
due to the effects of overlying water shear. It is therefore conve-
nient to subsume two relatively unknown parameters into one
parameter that is calibrated to data called xyy; ; (Fig. 3a):

KNH, 1 = /D Knm; 1 €)

which is termed the reaction velocity for NH4 oxidation, since its
dimensions are length per unit time. Nitrification is then computed
as a function of kny, 1, temperature, and NH; and O; limitation (Eq.
(8) in Table 1).

The mass balance NH; equations for each layer are:

d{H, [l\;ﬁz(w]} ) K;?H‘,J INH (1)] — Kor [NHG (1)
t LO1
~NH; (0)]) + Kura ([NH; 2) - NHJ (1)])
(4)
N
w = —Kup ([NH (2) = NH{ (1)] ) + )2 (5)

where NH; (0), NH; (1), and NH; (2) are the NH; concentrations in
the overlying water, layer 1 and layer 2, respectively. Note that for
NH;, k2 = 0 and Jn; = 0. It should be noted that in the time varying
solution, H; and H» are within the derivative since the depth of the
layers are variable and can entrain and lose mass when they are
changing (see Chapter 13 in Di Toro, 2001 for the method to
account for these mass transfers). The depth of the anaerobic layer
(H3) is then calculated as the difference between the total sediment
depth (10 cm) and Hi. Finally, the sediment—water NH; flux
(denoted as J[NHj]) is equal to Kjo1([NH; (1) — NH;(0)]). One
important consequence of this equation is that the gradient in
solute concentration between the sediment and the overlying
water-column is not the sole control on solute flux during certain
times of the year, as fluxes are primarily controlled by mixing via
Kio1. Mixing is primarily controlled by temperature, overlying-
water dissolved [03(0)], and the reactions that control the depth
of the aerobic layer.

2.3. Nitrate flux

There are two sources of NO3 in SFM: (1) NO3 enters from the
overlying water column as controlled by surface mass transfer and
concentration gradient and (2) NHj is oxidized in the aerobic layer
(i.e., nitrification) (Eq. (13) in Table 1, Fig. 3b; see Chapter 4 of Di
Toro, 2001). In turn, NO3 can be returned to the overlying water
column as NOj flux (JINOs]) or converted to nitrogen gas (i.e.,
denitrification, Eqs. (11) and (12) in Table 1). There is no biogeo-
chemical nitrate source in the anaerobic layer (Fig. 3). Although
unconventional (see Gypens et al., 2008 for a discussion of models
of denitrification confined to the anaerobic layer), denitrification
occurs in both the aerobic and anaerobic layers (Fig. 3b). The close
coupling between nitrification and denitrification has been sug-
gested by Blackburn et al. (1994) and there is considerable evidence
for denitrification in the oxic layer, for example, within anoxic
microsites (Jenkins and Kemp, 1984; Berg et al, 1998). The
remainder of the formulation parallels the NH, flux model dis-
cussed in Section 3.2 and is diagrammed in Fig. 3b.

24. Sulfate

Sulfate reduction is an important diagenetic process in coastal
marine sediments and is the source of sulfide, the oxidation of
which is a large portion of SOD (Fig. 4a; Howarth and Jorgensen,
1984). Thus, SO3~ is explicitly modeled in SFM (Fig. 4a). SO2~ in
the overlying water-column is calculated via a linear regression
with overlying-water salinity. SOf{ is produced in the aerobic layer
as a result of particulate and dissolved sulfide oxidation and
removed in the anaerobic layer via sulfate reduction (Fig. 4a, Eq.
(16) in Table 1). Because anaerobic layer SOf{ may become limiting
to sulfate reduction in low-salinity sediments, the model computes
a depth of SO3~ penetration (Hso,, Eq. (17) in Table 1). Since
SOﬁ‘(2) = 0 at Hgp, one can solve for Hgp, using a one dimensional
SOE{ mass balance equation in the anaerobic layer (Eq. (17) in
Table 1; Chapter 11 in Di Toro (2001)). Because SOﬁ’ is often less
than the total sediment depth, K13 is scaled to SO?{ toyield a SO?{
specific mass-transfer coefficient, K;12,s (Eq. (17) in Table 1).

2.5. Sulfide

The product of sulfate reduction in the anaerobic layer is dis-
solved sulfide (H,S). Note that the carbon available for sulfate
reduction is computed as the depositional flux of carbon minus the
organic carbon utilized during denitrification (Eq. (16) in Table 1).
SOZ{ limitation on sulfide production (via sulfate reduction) is
modeled via a Michaelis—Menten dependency on SOAZ{(Z) (Eq. (20)
in Table 1). A portion of sulfide reacts with oxidized iron in the
sediment to form particulate iron sulfide (FeS in Fig. 4a; Morse
et al.,, 1987). SFM distinguishes between the solid and dissolved
phases of sulfide via a layer-specific partition coefficient (Egs. (3)
and (4) in Table 1, Table 2). The oxidation of both particulate and
dissolved sulfide is the product of a first-order kinetic constant
(Kazs,d‘p,l) and a linear dissolved O, dependency (Eq. (18) in Table 1)
consistent with experimental data (Di Toro, 2001; Chapter 9).

2.6. Methane

Methanogenesis is computed as a fraction of total diagenesis,
which is controlled by anaerobic-layer SO?{ (Egs. (20) and (23) in
Table 1). For example, methanogenesis is equal to total diagenesis
when 503{(2) is extremely low relative to the constant Ky so, (Eq.
(23) in Table 1). The dissolved methane ([CH4] (aq)) produced by
carbon diagenesis can either be oxidized in the aerobic layer via the
product of a first-order reaction constant and Michaelis—Menten
0, dependency (Fig. 4b, Eq. (21) in Table 1), released as a flux to
the overlying water column, or becomes gaseous (JJCH4] (g)) when
its concentration exceeds saturation ([CH4](sat); Fig. 4b and Eq. (24)
in Table 1). JJCH4](g) is computed via a mass-balance of CHy(aq)
sources and sinks when CHy(aq) > CHy(sat) (Eq. (24) in Table 1).

2.7. Sediment oxygen demand

Sediment oxygen demand (SOD) is computed by summing all
model processes that consume molecular O,, including the oxida-
tion of NH; (nitrogenous SOD = NSOD; Egs. (28) and (29) in
Table 1) and the oxidation of dissolved sulfide + particulate sulfide
(SODy,s) and dissolved methane (SODcy,). Carbonaceous SOD
(CSOD) is equivalent to SODy,s + SODcy, (Egs. (25)—(27) in
Table 1). In the case of the sulfur and methane models, all solutes
are modeled in units of stoichiometric O, equivalents (O,*, Tables 1
and 2). This model formulation allows the model to track reduced
end-products (e.g., sulfide) in the summer for re-oxidization during
the winter, a potentially important process when determining the
lag between loading and sediment recovery.
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Table 1
The model equations are listed below. The solutions are found by numerically integrating the equations (Di Toro, 2001). Parameter definitions are
located at the bottom of this table.?

Mass balance equations (these are the general equations for Cr; and Cr):

d{H:iCr1} _ K7

1 a Kot Cr1 + K01 (faoCro — fa1 Cr1) + 012(fp2Cra — fp1Cr1) + K2 (faaCr2 — fa1 Cr1) — w2Cr1 +Jm1
d{H,C
2 {(ziitn} = —k2Cr2 — w12(f2Cr2 — fp1Cr1) — K2 (Fa2 Cr2 — a1 Cr1) + 02(Cr1 — Cr2) +Jm2
1 .
3 where: fy = Trmm i=1,2
4 foi = 1~ fai
Do SOD
5 Ko = 2 =
YU TH T [0,(0)]
D,§(T—20)
6 Ky = e
(H1 +Hy)/2
T-20)
w1y = %POQ (1 = ksS) min
7 12 = H; + H, POCg S (each year)
ds Km.p,
where — = —ksS+_— - ——
de > Kup, +[02(0)]/2
The kinetic and source terms for the ammonium, nitrate, sulfide, methane, and oxygen systems are listed next.
Ammonium (NH})
(T—20)
8 22 20 Koa v B, < 05(0)]/2 )
T TN e O 2%+ [NH,(1)] ) \Knm, 0, +[02(0))/2
4
9 Ky =
10 Jn=0
2
Je = 3 —kpocifonc Y POCH,
i=1
Jr2 = ancdJe
Nitrate (NO3)
T-20)
1 ;g = Kﬁoj;lﬁfvog
(T—20)
12 Ky = KNO;]&NOz
K, 04020
13 = Ky, 00 20)[NHy (1)) M~TNHZ; K, ( [02(0))/2 )
Jm—0 Kior  \ Ky, O, H‘,) + [NH4(1)] ) \KmNH,0,[02(0)]/2
Sulfate (S037)
14 2 =0
15 Ky =0
" 2 (1203 HaS(1)] [02(0)]/2
16 I = (s aifan + fspifon) s Kot Kumyso,
KXo 1%%20) T-20
Js = a0, cJe — do,no, | e = INOs (1) + kN0, 2040, [NO3 (2)]
S 7100 B
[SO4(2)] + Km so0,
2Dso, 01, 2S04 (0)](Hh + Hp)
Hso, = .
17 Js
If Hso, < (Hy +Hy) : P
L12,S L]2H504
Sulfide (3" HsS)
2 _ (2 2 (1-20)[02(0)]/2
18 K5 = (s arfar + K5 pifor) Ohs Kyirmso,
19 k=0
20 fn - ]0 (1 Ky so, )
275U (504(2)] + Kuso,)
Methane (CHy)
T-20 [02(0)]/2
21 K = K%H“_ 47-20)

17CHs Ky chy0, +02(0)]/2

22 Ko

Il
o
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Table 1 (continued )

Mass balance equations (these are the general equations for Cry and Cp):

23 Jr1 =0
Jr2 = ]5719\/1504
([SO4(2)] + Km s0,)
24 If CH4(2)(aq) > CHy(sat)®: 2
JICH4(8)] = Jr2 — Kio1([CH4(1)(aq)] — [CH4(0)(aq)]) —ﬁ[CHzt(l)(HQ)]
Oxygen
(Bysarfir + s pifo) Vs [05(0)]/2
25 CSODy, g = —22 = 2 2 H,S(1
Has Kion KM H,5.0, [Z 25(1)]
2 4(T-20)
e, e, [02(0)]/2
26 CSODqy, = CHa(1)(a
=Kot Kucno, + 02072 (D@D
27 CSOD = CSODyy,s + CSODgy,
INHg(1) [ KO 02(0))/2
28 NSOD = g 2. pT-20[NHa NHa 7Kg ( 2 )
0, NH. K, 1 O, KM.NHJ}{[Ni?) + NHg(1)] ) \Knnm,o, + [02(0)]/2
29 SOD = NSOD + CSOD

2 Hy, Hp = depth of layer 1 and 2 (cm, see Chapter 13 in Di Toro (2001) for discussion of entrainment flux due to time-varying-sediment depth);
Cro, Cr1, Crz = total (dissolved + particulate) concentration in layers (mmol m~3); POC; = Layer 1 particulate organic carbon concentration
(mmol m~3), POCy = reference particulate organic carbon concentration (0.1 mg C g solids™'); f41, fu» = dissolved fraction of total concentration in
each layer (fg1 = f42 = 1 for NH;,NO3 and CHy); f1, fp2 = particulate fraction of total concentration in each layer f,; = f,» = 0 for NH; ,NO3, and CH,);
K112 = mass transfer coefficient between layers 1 and 2 (K2, is computed specifically for SO?{ and dissolved H,S); K;o; = ratio of SOD to overlying
water dissolved O, = mass transfer coefficient between overlying water-column and layer 1; K}, = mass transfer coefficient between layer 1 and 2
(m d™"); w, = sedimentation velocity (m d~!); w;, = particle mixing velocity between layers 1 and 2 (m d~!); ks = first-order decay coefficient for
accumulated benthic stress (d—'); S = benthic stress term (d); Jr; = source of solute to layer 1 (mmol m~2 d~'); Jr, = source of solute to layer 2
(mmol m~2 d~1); kq, ko = reaction velocity for first-order removal reaction rate constant in layer1 and 2 (m d~'); m;, m, = solids concentration in
layer 1 and 2 (kg L™1); 7, m, = partition coefficient in layer 1 and 2 (L kg™ ); D, = diffusion coefficient of particulate solutes due to particle mixing
(cm? d1); D4 = diffusion coefficient of dissolved solutes (cm? d—'); 0Dpa = temperature coefficient for Dy, or Dg; Ky = half saturation coefficient
(i = relevant parameter or variable, in concentrations units of relevant variable); SOD, CSOD, NSOD = sediment O, demand, carbonaceous SOD, and
nitrogenous SOD, respectively (mmol O, m~2 d~!, subscript for CSOD indicates relevant solute); o, NH, = Stoichiometric ratio of O, consumed to
NH oxidized (mol O, mol N7); ao, ¢ = Redfield oxygen to carbon stoichiometric coefficient (mol O, mol chy; o, No, = Stoichiometric ratio for O
consumed by denitrification (mol 0, mol N~'). Where specific solutes are shown (e.g., [NH,4(i)], [CH4(i)], i = layer). Parameter values listed in Table 2.
Cry and Cp, were computed for NH;,NO3 , SH,S (= dissolved + particulate sulfide), SO?{, and CHy(aq). *J[CH4(g)] is computed via mass balance of

113

sources and sinks. In the computer code changes in storage are also included in the equation so that the mass balance is exact.

Table 2

Sediment flux model parameters.®
Variable Value Units Variable  Value Units
Recycle fractions Ammonium
frocna  0.65 KNH, 0.131 md!
frocz 020 Onm, 1.123
fronz 025 KyiNH, 52.0 uM N
feocs 015 Om.NH, 1.125
fronz  0.10 Kvnn,0, 115 uM 0,
Diagenesis a0, NH, 2 mol 0, mol™!' N
kpocn1 0.01-0.035" d! Nitrate
fpocn1 1.10 KNOs 1 0.10-0.30 md~!
kpocnz 0.0018 d! kno, 2 0.25 md!
fpocnz 1.15 o, 1.08
ao,c 10 mol 0, mol™" C ag, no, 125 mol 0, mol~' N
anc 0.151 mol N mol~! C Sulfide
Solids Kitys.di 0.20 md!
Wy 0.25 cmd! Ki,S p1 0.40 md!
m 0.36 kg L~! On,s 1.08
m 0.36 kg L' TH,s.1 100 Lkg™!
Mixing TH,52 100 Lkg™!
Dq 5.0 cm?d! Kum,so, 62.5 uM 0,
0Dy 1.08 Ky so, 0.1 uM 05"
D, 0.6 cm? d~! Dso, 1.0 cm? d7!
0D, 1.117 Methane
POCk 0.1 mg C g solids ™! kcy, 1 0.2 md!
Hy, + H; 10.0 cm Ocu, 1.08
Benthic stress Kmcn,0, 3125 uM 0"
ks 0.03 d! CHasae(STP) 3125 uM 0,"
Kup, 625 uM 0" Och, sat 0.976

 Indicates that units are in O, equivalents.

' Diagenesis rate range reflects the new (0.01) and original (0.035) calibration.

+ Denitrification reaction velocity range reflects freshwater (0.1) and saltwater
(0.3) values used in the original calibration.

% See Table 1 for parameter descriptions.

2.8. Particulate organic matter diagenesis and deposition

The above sections address the calculation of sediment flux that
results from the deposition of POM to the sediment and the
subsequent decomposition of that material (diagenesis) (see
Chapter 12 in Di Toro, 2001). Organic matter deposition and
diagenesis are modeled by partitioning the settling POM into three
reactivity classes (termed the G model by Westrich and Berner,
1984). Each class represents a fixed portion of the organic mate-
rial that reacts at a specific rate (Burdige, 1991). For SFM, three G
classes represent three levels of reactivity: Gy is rapidly reactive
(20 day half-life & 65% of settling POM), G, is more slowly reactive
(1 year half-life & 20% of settling POM); G3 (15% of settling POM) is,
for this model, non-reactive (diagenesis parameters in Table 2).

Diagenesis of particulate organic carbon (POC) is computed from
a mass balance equation and similar equations govern the
diagenesis of particulate organic nitrogen:

dPOG; (T—20)

H—q— = —kpocifpoc; POCiH, — w2POC; + fpoc iJpoc (6)

where POG; is the concentration of POC in reactivity class i in the
anaerobic layer, kpoc; is the first order reaction rate coefficient,
Opoc; is the temperature coefficient, w; is the sedimentation
velocity, Jpoc is the depositional flux of POC from the overlying
water to the sediment, and fpoc; is the fraction of Jpoc that is in the
ith G class. The aerobic layer diagenesis is not included because of
its small depth relative to the anaerobic layer: H; = 0.1 cm relative
to H, = 10 cm. Even if aerobic layer diagenesis was occurring at
a more rapid rate (e.g., 10 times faster), the magnitude would be
small relative to the anaerobic layer. POM deposition is partitioned
into these three classes based on the percentages given above and
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decomposes at three different rates such that the sediment POM is
primarily composed of residual G3 POM even though it is the
smallest portion of settling material.

In order to compute the sediment fluxes of NH;, NO3, and
dissolved Oy, the depositional flux of POC (Jpoc) is required. The
strategy adopted in the original calibration of SFM was to estimate
the annual flux of PON by fitting the model to the observed NHj
flux (Di Toro, 2001). However, this method ignores the year to year
carryover of POM. In fact, adjusting the annual POM deposition to
fit NH} flux over a number of years is a complex estimation
problem since every year affects each subsequent year in propor-
tion to the store of organic material that did not undergo diagen-
esis. A Hooke—Jeeves pattern search algorithm was utilized to
minimize the root mean square error (RMSE) between modeled
and observed NHj; flux (Hooke and Jeeves, 1961). The pattern
search is a method to minimize a cost function — in this application
the root mean square error in predicted NH; flux — by varying
parameters, such as the yearly average depositional fluxes. The
pattern search starts with an initial estimate of the parameters, in
this case a constant yearly organic matter depositional flux of
35 mmol C m~2 day ! (a reasonable estimate based on literature
derived values (Roden et al.,, 1995; Kemp et al., 1999, 2007; Hagy
et al., 2005)). This is followed by exploratory moves (i.e., =30%),
changing the POM depositional flux for the first year, recording the
direction that reduces the current cost function (i.e., NH; flux RMSE
for the first year). This process is repeated for each year and the
direction of change (+30% or —30% POM depositional flux) that
reduces the error is retained for each year. These directions of
change that reduce the RMSE for each year — the pattern — are
repeated until the RMSE no longer decreases. The individual year by
year search is then repeated and a new pattern is established and
repeatedly applied. If it is not possible to find a new pattern, that
indicates a local minimum has been found. Then the size of the
exploratory moves is reduced from +30% to +10% in 10% intervals
and finally +5% to converge to a final solution. The only constraint
on depositional flux was a minimum of 8.3 mmol C m~2 day ™/, 10%
below the lowest depositional flux measured in Chesapeake Bay
(Roden et al., 1995; Hagy et al., 2005; Kemp et al., 2007).

2.9. Overlying-water concentrations

Data for overlying water-column nutrient and O, concentrations
nearest the sediment—water interface in Chesapeake Bay, which are
required boundary conditions for the stand-alone SFM, were
retrieved for each station and date from the Chesapeake Bay Program
(CBP) Water Quality database (http://www.chesapeakebay.net/
data_waterquality.aspx; see Table 3 for associated CBP sites).

Table 3

Measurements of bottom water salinity, dissolved 02, ammonium
(NHj), and nitrate (NO3) made as part of the Sediment Oxygen
and Nutrient Exchange experiments (SONE, Boynton and Bailey,
2008) were augmented by CBP data by combining the time
series and using piecewise cubic hermite interpolation (PCHIP)
to derive daily overlying water column values. PCHIP is a shape
preserving piecewise cubic that spline-interpolates between
values but does not exceed the maximum and minimum of the
dataset. The fine temporal resolution of the combined SONE and
CBP monitoring time series insures that the onset of hypoxia and
winter temperature regimes (not measured in the SONE dataset)
were properly simulated. To calculate initial sediment nutrient
conditions, the time series of POM deposition and overlying water
concentrations were repeated until there was 15 years of input.
The synthetic 15 year time series was used as the model input,
followed by the actual years. This insures that the initial condi-
tions for SFM particulate and dissolved constituents are consistent
with the depositional fluxes and parameters.

2.10. Calibration and validation datasets

SFM was calibrated and validated using observational data sets
from Chesapeake Bay. Sediment—water fluxes of oxygen (SOD),
NH;, and nitrite + nitrate (NO; + NO3 ) were estimated from time-
course changes in constituents during incubations of intact plex-
iglass  sediment cores  (http://www.gonzo.cbl.umces.edu/
sediments.htm, Boynton and Bailey, 2008). In addition to nitrogen
and dissolved O, fluxes, SONE also provided measurements of
surficial sediment chl-a (top 1 cm). Average NH, porewater
conditions were validated with measurements made in the top
10 cm of sediment at stations spanning the salinity gradient in
Chesapeake Bay from 1971 to 1975 (Bricker et al., 1977). A more
recent set of NH; and NO3 porewater measurements in mid-
Chesapeake Bay were also utilized (Kemp et al., 1990). Model-
data comparisons were facilitated using multiple skill assessment
metrics as recommended by Stow et al. (2009): RMSE, mean error
(sum of residuals divided by the number of observations), relative
error (sum of residuals divided by the sum of observations),
correlation (r), and reliability index (RI) were computed for each
flux/station combination. Mean error is a measure of aggregate
model bias while relative error and RMSE take into account the
magnitude of model-data discrepancies. The correlation coefficient
(r) measures the tendency of modeled and observed fluxes to vary
together. Finally, the RI quantifies the average factor by which
model predictions differ from observations. An RI of 2, for instance,
would indicate that SFM predicts the observation within a factor 2,
on average (Stow et al., 2009).

Sediment Oxygen and Nutrient Exchange (SONE) site characteristics. CBP Station represents the Chesapeake Bay Program site designation used for overlying water column

data, Jpoc represents the average depositional flux across all years at each site.

Site CBP Station Latitude Longitude Depth SONE years Salinity Summer DO Jroc
°N W m years UM 0, mmol Cm2d~"
Windy Hill ET5.1 38.8 -75.9 4.1 1.0 183.1 47.3
Maryland Point RET2.2 384 -77.2 10.1 9.4 1.9 196.8 48.8
Still Pond CB2.2 393 -76.2 10.1 6.5 4.8 1674 24.6
Horn Point ET5.2 38.6 -76.1 16.0 111 1504 34.0
Buena Vista RET1.1 38.5 -76.7 17.4 11.5 107.6 45.6
Marsh Point LE1.1 384 -76.6 132 13.2 54.8 429
St. Leonard Creek LE1.2 384 -76.5 . 174 13.6 94.2 294
Broome Island LE1.2 384 -76.5 15.2 13.2 13.8 75.7 40.6
Ragged Point LE2.2 38.2 -76.6 16.4 114 15.6 27.5 43.0
R-78 CB3.3C 39.0 -76.4 16.1 4.1 17.0 17.5 19.1
R-64 CB4.3C 38.6 ~76.4 16.6 11.3 19.3 14.9 433
Point No Point CB5.2 38.1 -76.2 14.0 114 20.6 36.9 274
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SFM-derived estimates of POM deposition to sediments were
validated at station R-64 (Fig. 1) using two previous estimates of
deposition: (1) sediment trap measurements made at “mid-water”
depths between 1984 and 1992 (7—14 m, Kemp et al., 2007); and
(2) modeled deposition based on distributions of “post spring
bloom” sediment chl-a and kinetics of chl-a degradation (Hagy
et al.,, 2005). Overlapping years of chl-a degradation based POM
deposition and nutrient fluxes were also available for Point No
Point. Lastly, model estimates of sulfate reduction were compared
to measured rates at stations Still Pond and R-64 (Marvin-
DiPasquale and Capone, 1998; Marvin-DiPasquale et al., 2003).

3. Results
3.1. Particulate organic matter deposition

Overall, POM deposition compared favorably with two inde-
pendent estimates of POM deposition at R-64 (Fig. 5a and b) and
Point No Point (Fig. 5¢). The mean sediment trap-derived estimate
of organic matter deposition at R-64 from 1984 to 1992 was
46.7 mmol C m~2 day~' compared to the model estimate of
43.7 mmol C m2 day ' (6.4% lower; Fig. 5a). POM deposition
estimated from sediment chl-a distributions at R-64 from 1993 to
1996 was 35.7 mmol C m~2 day~ ' compared to the model estimate
of 38.9 mmol C m~2 day ! (8.9% higher; Fig. 5b). Similar estimates
obtained downstream of this site at Point No Point were
317 mmol C m2 day ! compared to model estimates of
24.6 mmol C m~2 day~! (Fig. 5¢).

Across all stations the range of POM deposition was
19.3 mmol C m~2 day~! at R-78 to 48.3 mmol C m~?2 day~! at
Maryland Point (Table 3). Spatial patterns in the mainstem of
Chesapeake Bay were also consistent with sediment chl-

a distributions in Hagy et al. (2005). POM deposition increased from
24.0 mmol C m~2 day ! at Still Pond (275 km from the mouth of the
bay) to 43.3 mmol C m~2 day ! at R-64 (192 km from the mouth of
the bay) and the decreased to 26.0 mmol C m—2 day~! down bay at
Point No Point (130 km from the mouth of the bay) (Table 3).
Although overall fits to average POM deposition were encour-
aging, there were substantial differences in interannual variability.
This was especially apparent in a comparison of model and sedi-
ment trap-derived estimates, where six out of nine years of
modeled POM deposition fell outside the range of the data (Fig. 4a;
Roden et al., 1995). In contrast, in six out of eight years, the modeled
POM deposition fell within the range of the observations for the
sediment chl-a distribution estimates (Fig. 4b and c; Hagy et al.,
2005). Differences between modeled and observed POM deposi-
tion were especially pronounced following years of high modeled
deposition. For example, in 1987, the year after the highest modeled
POM deposition at R-64 (Fig. 5a), the sediment trap-derived esti-
mate for POM deposition was 45.3 mmol C m~2 day ™!, whereas the
modeled estimate was 8.3 mmol C m~2 day~! (Fig. 5a). Interannual
variability of model estimates was much more closely aligned with
interannual variability in sediment chl-a distribution estimates.
The standard deviation around annual POM deposition estimates
was 2.75 mmol C m—2 day~! for the sediment trap derived esti-
mates, 15.0 mmol C m 2 daly‘1 for sediment chl-a distribution
estimates, and 18.4 mmol C m~2 day~! for model estimates.
Further validation of modeled POM depositional flux is available
in the comparison of observed sediment chl-a with modeled G;
carbon in the sediment (e.g., Station R-64, Fig. 6). Sediment chl-
a was converted to Gy carbon using a commonly applied carbon to
chl-a ratio in the Chesapeake Bay of 75 C:CHL and assuming that all
chl-a-based carbon was G. A strong correlation was observed at
most sites (r = 0.6) indicating that carbon delivery and
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Fig. 5. Time series of annual averages for observed (black and gray) and modeled (white) particulate organic carbon deposition to sediments for two Chesapeake Bay stations (R-64
and Point No Point). Panel a observations (black) were measured using sediment traps (Kemp et al., 2007; Roden et al., 1995). Gray bars (Panels b & c) are for observations computed
using sediment chlorophyll-a measurements (Hagy et al., 2005). Model estimates represent output using a carbon diagenesis rate of 0.01 day™' and time invariant deposition within

each year.



116 D.C. Brady et al. / Estuarine, Coastal and Shelf Science 117 (2013) 107—124

—— ‘ ‘ ‘ ‘ — ‘ ‘ ‘
250 F a ;7’," L b ”"?," i
&/
/
o]
= o/
) /
52001 /
/
g {6 4 —
g 1501 / r 1
3 /@
= —Oo—~ o« e
g ; P N
210t P, f e ]
3 ! e s 1
D ’ - -
%} T Y ¢ Pt B N1 || P SR 4 | I S | R
2 L@ in—:" || ST A
S sol [/ TAL T , ]
< / =1
5 AN
[y Monthly ! Annual
/" ,
0 50 100 150 200 250 0 150 200 250

Observed Sediment Carbon (mmol C L)

Fig. 6. Monthly (left panel, a) and annual (right panel, b) comparisons of observed and modeled sediment organic carbon at Station R-64 (concentrations in mmol per liter of
sediment solids). Modeled sediment organic carbon is the G; fraction (calculated by assuming a solids concentration of 2.6 g cm~>; Di Toro, 2001 Chapter 1), while observed
sediment organic carbon is estimated from measured sediment chlorophyll-a converted to carbon using a carbon:chlorophyll-a (C:CHL) ratio of 75. Model and observation data are
represented by circles and are means across all stations, while 1:1 lines for a C:CHLA of 50 and 150 are dashed lines. Solid line is 1:1 line for C:CHL of 75.

decomposition were well simulated. Even sites with poor correla-
tions were well within the observed range of carbon to chl-a ratios
in the Bay (Hagy et al., 2005; 50—150 C:CHL; Fig. 5). Therefore, poor
correlation between surficial chl-a and modeled Gy carbon may
have more to do with variability in carbon to chl-a ratios than
incorrect simulation of carbon delivery. For example, monthly
(r = 0.65) and annual (r = 0.63) comparisons of sediment carbon
from R-64 are shown in Fig. 6a and b, respectively. In comparisons
made on a monthly basis, late spring/early summer months (April—
June) clustered close to the low carbon to chl-a ratio (50 C:CHL) and
late summer-fall months (August—October) tended to cluster
around the high carbon to chl-a ratio. This clustering pattern was
consistent across sites and indicates that the C:CHL ratio of
deposited material varies seasonally (Malone et al., 1988).

3.2. Validating ammonium flux

The sequence of annual average POM deposition estimated
using the Hooke Jeeves algorithm resulted in good fits between
modeled and observed interannual temporal variation of NH; flux
(Fig. 7). All sites had low RMSE and little bias in mean error
(Table 4). Modeled NH; flux at a relatively oxic site that tends
toward denitrification (Still Pond; Table 3) was 57.7 pmol m 2 h™!
compared to an observed flux of 55.5 pmol m~2 h™~! (Fig. 7). A more
hypoxic site such as Buena Vista had an average modeled NH; flux
0f 360 pmol m~2 h~! compared to an observed average NHj flux of
364 pmol m~2 h™! (Fig. 7).

The model also successfully simulates the seasonal shift from
NH; accumulation to NHj flux. During winter months, NH} builds
up in the anaerobic layer of sediment and the production of NH}
from diagenesis (Jy) exceeds the efflux of NHJ lost to the overlying
water. Although the concentration gradient between the overlying
water and the anaerobic layer would indicate efflux should occur,
surface mass transfer is very low during this period (data not
shown). During summer months, the magnitude of the fluxes
reverses and the store of NHj in the anaerobic layer is depleted by
NH; flux to the overlying water. Matching this intra-annual signal
in NH; flux is strongly dependent on the presumed intra-annual
variability in deposition and model parameterization.

One method of testing the former was to presume that POM
deposition is related to the seasonal variability in surface chl-a.

Organic matter depositional flux based on the seasonal pattern in
surface chl-a and particulate matter sinking velocities (Kemp et al.,
2007) resulted in a relatively poor overall correlation coefficient of
r = 0.53 on a monthly basis (Figs. 8a, d and g). Monthly modeled
spring-summer NH; fluxes were universally overestimated and
fall-winter NHj fluxes were underestimated. Model estimates were
improved by assuming a constant annual depositional flux which
resulted in an increase in correlation to r = 0.70 (Figs. 8b, e and h).
Using this formulation for POM deposition, spring-summer over-
estimation and fall-winter underestimation were reduced but not
completely eliminated. This was the formulation employed in the
original SFM calibration (Di Toro, 2001). The assumption of
constant annual deposition is supported by sediment trap esti-
mates, made at station R-64 from 1984 to 1992, that show a weak
bimodal seasonal distribution (Kemp and Boynton, 1992; Kemp
et al,, 1999) with significant month to month variability (Roden
et al,, 1995; Kemp et al., 2007).

The combination of annually constant organic matter deposition
and a reduction in the POM diagenesis rate constant (kpocn1 in
Table 2) from 0.03 day~' to 0.01 day ' resulted in a much stronger
monthly correlation (r = 0.86) across all sites (Figs. 8c, f and i). As
shown in Fig. 8, this modification shifted the peak in NH} flux from
June—]July as in the original calibration (gray lines) to July—August
(black lines; Fig. 8) and improved the model’s skill at simulating
high summer NHj fluxes by increasing the pool of available G
nitrogen available for depletion during the warmer months. The
slower diagenesis rate (0.01 day~!) compared to the original cali-
bration (0.03 day~!) improved model-data fits at every site. For
example, the monthly correlation coefficient between modeled and
observed NHj flux at St. Leonard’s Creek improved from 0.32
assuming a surface chl-a derived seasonal signal and faster
diagenesis to 0.96 assuming a constant depositional flux and slower
diagenesis rate.

High mid-to-late summer NH; flux is not the result of the
gradient between overlying water column NH; and anaerobic
layer porewater concentrations. In fact, periods of high NH; flux
correspond to periods of low modeled concentration gradients.
Instead, high fluxes result from model parameterization of mixing.
Summer periods of high SOD and low overlying water O, (Fig. 10)
serve to increase the surface mass transfer coefficient and
therefore produce relatively high fluxes. Nonetheless, model
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Fig. 7. Modeled (lines) and observed (circles) time series of NH; flux from four stations in Chesapeake Bay (a: R-64, b: Point No Point, c: Buena Vista, d: Windy Hill). Gray dashed
lines represent model output using the diagenesis rate (kpoc) of 0.03 day~! from the original calibration and black solid lines represent model output using a diagenesis rate of

0.01 day .

computations of porewater concentration are a check on
model parameterization of mixing. Fig. 9 presents a comparison
of the model anaerobic layer NH} concentrations and observed
(0—10 cm) porewater concentrations. Although model-data
comparisons do not overlap in time (i.e., data represent average
porewater NH; concentrations during the late 1970s and model
output represents the mid 1980s to mid 1990s), modeled pore-
water concentrations along the mainstem of the bay are within the
variability of the observed porewater concentrations. Model-data
comparisons of porewater NH} also improved when the diagen-
esis rate of G; POM was decreased.

Table 4

Root mean square error (RMSE), mean error (ME), relative error (RE), and correlation
coefficient (r) for model-data comparison of NHj flux and sediment oxygen demand
(SOD).

Sites JINH4] (umol N m~2 h™1) SOD (mmol m~2 day ™)
RMSE ME RE (%) 1 RMSE ME RE (%) r
Windy Hill 151.1 -5003 67.4 065 290 154 341 038
Maryland Point ~ 144.1 -20.27 660 057 160 -53 395 062
still Pond 714 -189 788 054 155 46 409 046
Horn Point 1160 —442 304 069 17.0 06 393 064
Buena Vista 105.5 392 268 078 244 109 31.8 040
Marsh Point 72.3 224 355 075 300 148 440 029
St. Leonard Creek  93.6 690 272 067 159 -23 377 039
Broome Island 78.3 489 449 059 13.1 19 434 047
Ragged Point 66.0 —1.02 290 080 283 169 445 027
R-78 858 3557 657 048 118 60 565 041
R-64 928 —194 290 081 154 -29 644 053

Point No Point 1130 -043 375 073 181 -33 750 049

Anaerobic layer NH} concentrations were used in the original
calibration (Di Toro, 2001) to calibrate the diffusive mass transfer
coefficient between the anaerobic and aerobic layers (Kiq2).
Although observed porewater concentrations do not cover the
same time period, there is general agreement between modeled
and observed concentrations. In fact, across all years and sites
observed anaerobic NH; porewater concentrations were 712.8 uM
whereas modeled porewater concentrations were 649.7 uM (Fig. 9,
8% lower than observed). Additionally, in the original calibration
the computed intraannual peak in NH} concentration occurred in
May, while observed NH; concentrations peak in August. Using
a lower diagenesis rate for G; carbon in the updated calibration
ameliorated the phase difference between the peak in observed
(August) and modeled (July) porewater NHj.

3.3. Sediment oxygen demand

The metabolic activity of sediments (i.e., respiration of organic
matter) is often estimated using sediment O, demand (SOD)
(Cowan and Boynton, 1996). When the water-column overlying
deep-water sediments in estuaries like Chesapeake Bay becomes
anaerobic, SOD goes to zero. The components of modeled SOD that
can be directly compared to SOD observations include the oxidation
of sulfide, methane, and NH; generated by carbon diagenesis.

Comparisons of observed SOD with model predictions provides
an independent validation of POM deposition and NH; flux esti-
mates. Fig. 10 presents model-data comparisons for two oxic
stations and two stations where overlying water O, concentrations,
shown in gray shading, is zero for periods of time. In our analysis,
model SOD estimates compared favorably with observations
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seasonally during several years at multiple stations with an overall
RMSE less than 20 mmol O, m~2 day~' (Table 4). The model
captured differences in seasonal SOD cycles among sites with
varying levels of overlying-water O,. At stations where hypoxic
conditions did not develop (Horn Point, Maryland Point; Fig. 10a
and b), SOD increased during warmer months and generally fol-
lowed the seasonal temperature cycle. Conversely, at sites with
seasonal hypoxia and anoxia (R-64, Ragged Point, Figs. 10c and d),
SOD increased through spring, but declined precipitously in early
summer when O, concentrations rapidly declined to concentra-
tions below 62.5 uM (Fig. 10c and d). At such sites, SOD episodically
increased when overlying-water O, concentrations recovered from
hypoxia (Fig. 10c and d).

Comparisons of CSOD and NSOD with the sediment—water
fluxes of reduced species under anaerobic conditions allows for
a comparison of reduced species between sites. Fig. 11 presents the
CSOD and NSOD components of SOD, and the fluxes of sulfide and
methane to the overlying water computed by the model. At R-64,
a deep, seasonally-anoxic site in mid-Chesapeake Bay, CSOD and
NSOD dominate SOD in winter and fall, with CSOD as the primary
contributor to SOD (Fig. 11). However, during anoxic summer
months, sediment—water sulfide fluxes dominate, revealing
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sediment efflux of accumulated reduced sulfur (Fig. 11). In contrast,
SOD reaches peak rates in summer months at Still Pond, in the more
oxygenated upper-Bay, and sediment—water CH4 fluxes (aqueous
and gaseous) contribute 30—50% of the O, equivalents within these
relatively low-salinity (i.e., low-S02~) sediments.

Model simulations of the sulfur system (and of diagenesis) can
be further validated by comparing modeled rates of sulfate reduc-
tion to observations made in Chesapeake Bay in the 1990s (Marvin-
DiPasquale and Capone, 1998). As shown in Fig. 12, model-field data
comparisons correlate seasonally at R-64 and Still Pond, where
rates generally peak during the summer period at both stations.
Observations and model computations are also comparable in
magnitude at Still Pond, although observed rates were generally
higher than model predictions at R-64 (Fig. 12). Sulfate reduction
rates were always higher at R-64. Interestingly, modeled and
observed sulfate reduction rates decreased in mid-summer at Still
Pond in 1989, but not in later years (Fig. 12).

4. Discussion
4.1. POM deposition
SFM provides a framework within which to analyze measured

nutrient and O fluxes and to see if they either contain surprises or
conform to previous observational relationships. Additional

benefits are estimates of POM deposition to sediments which are
perhaps the most unique products of stand-alone SFM simulations.
Because of the effort and complications associated with sediment
trap deployments and other techniques for estimating POM depo-
sition, SFM provides a useful process-based, observation-driven
quantitative tool to make such estimations. Coupling between
pelagic and benthic habitats is a fundamental feature of most
shallow coastal aquatic ecosystems (Nixon, 1981; Kamp-Nielsen,
1992; Kemp and Boynton, 1992; Soetaert and Middelburg, 2009),
and POM deposition is the primary link of the water-column and
sediments. Just how sediments respond to variations in POM
deposition is a perpetually important question for the under-
standing and management of estuarine processes, as is quantifi-
cation of the response magnitude and time-scale of sediment—
nutrient fluxes in response to reduced POM deposition (see
Chapter 16 in Di Toro, 2001).

Our comparisons between SFM estimates of POM deposition
and those computed from two independent methods reveal several
key characteristics of POM transport in Chesapeake Bay. POM
deposition estimates based upon post-spring-bloom sediment chl-
a distributions (Hagy et al., 2005) compare more favorably with
SFM calculations on an interannual basis than did estimates from
sediment traps (Kemp et al., 2007). Both SFM estimates and chl-
a distributions (Hagy et al., 2005) use indicators of deposition that
are based on sediment processes. Sediment traps, on the other
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hand, were deployed at mid-water-column depths (8—14 m).
Material captured in the traps include resuspended material from
adjacent shallow-shoals in Chesapeake Bay (Kemp and Boynton,
1984). Also, a fraction of the material crossing the pycnocline may
not reach the sediment, as it may be respired or advected to other
regions after passing the sediment trap.

A secondary validation of SFM estimates for POM deposition
involves correlations between modeled pools of labile organic
carbon in sediments (Gq) and observed surface-sediment chl-a.
Correspondence between chl-a accumulations in sediment, an
index of recent POM deposition, and elevated accumulations of
labile carbon provides evidence that both POM deposition rates and
diagenesis rates are well-constrained. However, seasonal changes
in the relationship between sediment chl-a and Gy carbon also
indicate that the carbon to chl-a ratio (C:CHL) of deposited POM
changes seasonally. As shown in Fig. 6, in spring and winter
months, the C:CHL ratio is closer to that of diatom communities
(<75), while summer and autumn C:CHL is closer to smaller-celled
species (>75) (Malone et al., 1988).

4.2. Diagenesis

The parameter optimization routine was also used to compute
the rate of decomposition of the various organic matter fractions
delivered via POM deposition. The original calibration of SFM used
a first-order decomposition rate constant of G; carbon of 0.035 d ™!

(Di Toro, 2001). As a result, NH} fluxes increased rapidly in spring,
resulting in the over prediction of NH; fluxes in April—June,
and the underestimation of these fluxes in August—October
(Figs. 7 and 8). Optimizations of this decomposition rate over all
stations in Chesapeake Bay resulted in a slower rate constant
(kpoc1 =0.01 d~1) than previously used for G; carbon pool, and the
seasonal mismatch of modeled and observed NHj fluxes dis-
appeared with the latter parameter value (Figs. 7 and 8). In fact,
this slower rate constant is consistent with available measure-
ments in Chesapeake Bay (0.01-0.023 d~', Burdige, 1991), though
less than other rates reported for marine systems (0.02—0.03 d~,
Westrich and Berner, 1984; Roden and Tuttle, 1996). One impor-
tant consequence of this reduced rate is that G; carbon may be
retained in the sediments late into the season and into subsequent
years.

One of the central questions for nutrient management is: how
long will it take for ecosystem properties (e.g., chl-a, POM deposi-
tion, nutrient recycling) to respond to reduced nutrient loading?
From this perspective, the time variable behavior of SFM can be
used as a tool to estimate the legacy of eutrophication as measured
by residual oxidizing material that remains in the sediment even
after remediation. An excellent example can be seen during 1987
(Fig. 5a at R-64). The second highest POM deposition estimate on
record at R-64 was in 1986. Subsequently, due to low NH; fluxes
observed in 1987, POM deposition was minimal that year. However,
at the end of 1987 there was still 20% and 65% of the G; and G,
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carbon deposited during 1986 remaining in the sediment. This
result indicates that high deposition in 1986 continued to influence
NH; fluxes in subsequent years. Minor parameter changes in the
diagenesis rate of the G, portion of organic material can magnify
the latent effects of high POM deposition.

4.3. SOD

Seasonal cycles of SOD at stations where the overlying water-
column is oxic and hypoxic are out of phase with one another,
illustrating the switch between aerobic and anaerobic respiration.
SOD time courses exhibit summer peaks at stations where
overlying-water O; levels remain above 62.5 mM for the majority of
the year (Fig. 10); this clearly reflects temperature-driven, aerobic
respiration and oxidation of reduced metabolites, where SOD is
unlimited by O; availability. Conversely, SOD is generally depressed
in summer months and higher in spring at stations characterized by
summer anoxia and hypoxia (Fig. 10). Strong O,-limitation of SOD
occurs at these stations, which is further illustrated by occasional,
short-lived SOD peaks during summer when O; concentrations are
slightly elevated (Fig. 10). Observational methods used to measure
SOD can only measure Oy-uptake, thus anaerobic metabolism
cannot be observed directly. Similarly, modeled SOD rates only
represent terms in the SOD equation that involve O, uptake, thus
the generation and subsequent storage or efflux of reduced
metabolites under anaerobic conditions is not represented by
modeled SOD. Indeed, relatively high modeled SOD in the first
months of the year reveals the oxidation of reduced sulfide stored
during anaerobic periods of the previous year (Fig. 10).

The phenomenon of winter/early spring SOD highlights the
potential for delayed oxidation of reduced sulfur in SFM. SFM
apportions the end productions of carbon diagenesis via sulfate
reduction into 3 pathways: (1) the oxidation of dissolved and solid-
phase sulfide, the diffusion of sulfide to the overlying water, and the
burial of solid-phase sulfide. At stations with seasonally anaerobic

overlying water, dissolved sulfide accumulates during summer and
cannot be oxidized in sediments, resulting in modeled sediment—
water fluxes of sulfide (J[H,S]; Fig. 11, R-64). Sulfide remaining in
sediment (both H,S and FeS), which was not buried or diffused to
overlying water under anoxic conditions, will be gradually oxidized
as it is mixed into the aerobic layer in later periods. This is evident
at R-64 from December through February as SOD increases (Fig. 11).

Validation of these sulfur dynamics can be approached by
considering the correspondence between modeled and measured
sulfate reduction rates (Marvin-DiPasquale and Capone, 1998)
(Fig. 12). At stations where low SO?{ concentrations may limit
sulfate reduction, methane formation occurs in the anaerobic layer.
Although dissolved methane diffuses into the aerobic layer and is
oxidized to CO,, serving as an Oy sink, in summer at the more
freshwater sites in Chesapeake Bay, sediment water fluxes of both
dissolved methane and methane gas occur. At times when
sediment—water methane fluxes are nearly equivalent to SOD, as in
June of 1986 at Still Pond (Fig. 11), sediment metabolism would be
highly underestimated if SOD was used as the only metric of
diagenesis. In fact, a measured and modeled decline in mid-summer
sulfate reduction at Still Pond in 1989 (Fig. 12) corresponds to
a period of very high river flow from the Susquehanna River (data
not shown). As a result of the high river flow, freshwater conditions
prevailed at this station, limiting sulfate reduction. Model simula-
tions indicated that diagenesis during this period did not slow, as
methanogenesis rates peaked, resulting in relatively high rates of
SODcy, and sediment—water gaseous CHy fluxes. Thus, SFM in this
case provided a mechanistic interpretation of sediment dynamics
that would not have been realized from observations alone.

The weighted (i.e, by years of observations in Table 3)
mean error across all sites in SOD is relatively small
(2.7 mmol 0O, m~2 day~') and the reliability index of 1.34 indicates
that the model simulates SOD quite well and is not biased.
However, there are several years, such as 1990 at Horn Point (Fig. 9),
where high SOD residuals suggest that the relationship between
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NH; flux and POM deposition flux is inadequate to predict SOD. As
shown in Fig. 13, this was particularly true for years following high
nutrient loads at stations near the head of tide. Because these
stations are near the source of terrestrially-derived nutrient and
carbon loading, it is reasonable to assume that POM deposition at
these sites may have a relatively higher C:N ratio (Burdige and
Zheng, 1998) than the Redfield ratio used in the model. If this is
the case, the high correlation between SOD residuals and the
previous year’s TN loading suggests that pulsed loading may result
in a surplus of G, carbon that consumes more O, than expected in
subsequent years based on within year POM deposition as deduced
from the NH; flux.

4.4. Missing nitrogen processes

It should be noted that other nitrogen cycling pathways, namely,
anaerobic NH; oxidation (anammox), dissimilatory nitrate reduc-
tion to ammonium (DNRA), and nitrogen fixation (Buring and
Hamilton, 2007), the importance of which has recently been
recognized, are not currently simulated in SFM. Anammox is
defined as the oxidation of NH} with nitrite (NO5 ) in the absence of
02 (NHj + NO; —N; + H,0). Anammox was first discovered in
a wastewater treatment systems (Mulder et al., 1995) but has since
been observed in Chesapeake Bay (Tal et al., 2005). However, N,
production as a result of anammox was generally confined to the
freshwater tidal portion of the bay and ranged from 0 to 22% of the
N, production (Rich et al., 2008). Nonetheless, current model
formulations require a close coupling of nitrification-denitrification
for nitrogen removal and explicit inclusion of anammox would
change the dynamics of N» production when these systems are
decoupled in freshwater tidal areas of the bay. DNRA is another
form of anaerobic respiration wherein NO3 is reduced to NHj
thereby keeping available nitrogen in the system (Gardner et al.,
2006). DNRA has not been measured in Chesapeake Bay.
However; Gardner et al. (2006) and Koop-Jakobsen and Giblin
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Fig. 13. Annual average sediment oxygen demand (SOD) residuals (observed-pre-
dicted) correlated with the previous year’s annual average total nitrogen (TN) loading
from the Susquehanna (stations: (a) Still Pond and (b) R-78) and Choptank (Stations:
(c) Windy Hill and (d) Horn Point) Rivers.

(2010) found that DNRA was a major source of NH} production
and on par with denitrification rates in anoxic sediments in Texas
and Massachusetts estuaries, respectively. Currently, rates of DNRA
would be subsumed in the SFM denitrification rate formulation
(but without generating NH; ), which implies that NO3 loss terms
could be underestimated in the model during conditions favorable
for DNRA (e.g., high sulfide; Gardner et al., 2006). Finally, nitrogen
fixation has been observed at significant levels in some estuaries
(Fulweiler et al., 2007), although seldom observed in Chesapeake
Bay (Marsho et al., 1975). If nitrogen fixation is a significant source
of NHj it could readily be incorporated into SFM.

4.5. Model application, improvement, and implementation in other
systems

The applicability of SFM in a wide-variety of habitats has been
demonstrated via its successful integration into water quality
models in many coastal systems, including Massachusetts Bay
(Jiang and Zhou, 2008), Chesapeake Bay (Cerco and Cole, 1993;
Cerco, 1995; Cerco and Noel, 2005), Delaware’s Inland Bays (Cerco
and Seitzinger, 1997), and Long Island Sound (Di Toro, 2001)
and Marine Ecosystem Research Laboratory (MERL) mesocosms
(Di Toro and Fitzpatrick, 1993; Di Toro, 2001). SFM is also
currently coupled to a number of commonly-used water-quality
platforms, including CE-QUAL-ICM (Cerco and Noel, 2005), WASP
(http://[www.epa.gov/athens/wwqtsc/html/wasp.html), and RCA
(Fitzpatrick, 2009). SFM performed well in a wide-ranging set of
conditions in Chesapeake Bay, covering large gradients in salinity,
0,, nutrients, and POC deposition.

The stand alone SFM can be utilized to answer many questions
given its rapid execution times and previous application to several
different coastal systems. For example, SFM can be used to explore
the interactions of POM deposition and water-column O, levels on
SOD and nitrogen and phosphorus cycling (e.g., nitrogen recycling
efficiency) and their feedback effects on water-column phyto-
plankton growth. Sediments have also been said to be responsible
for retaining nutrients and thus storing a “memory” of eutrophi-
cation that forces time lags between management actions and
ecosystem response, and SFM can be used to explore these lags over
long time-periods.

There are several limitations of SFM that could be improved in
the future. First, model estimates of POM deposition require
application of observed sediment—water NHj fluxes, which can be
costly to obtain, and this may limit the potential for running
prognostic scenario analysis. Our preliminary analysis suggests that
alternate formulations could, however, be developed to estimate
POM deposition using overlying water concentrations of POC or
Chl-a and accounting for seasonal changes in C:CHL, sinking
velocity, and turbulence. Secondly, the use of fitting POM deposi-
tion to observed NH} fluxes assumes a constant C:N ratio. Because
C:N ratios can vary spatially and seasonally (e.g., Burdige and
Zheng, 1998), this could limit the ability of SFM to simulate
diagenesis and solute fluxes across time and space. In addition, SFM
does not include benthic algae and the associated photosynthetic
and respiratory processes, which seriously limits its use for shallow
clear-water systems. Previous studies have, however, demonstrated
that these processes can be readily incorporated into SFM (Cerco
and Seitzinger, 1997). Although temperature dependency func-
tions in SFM are appropriate for many temperate coastal systems,
they may need to be re-calibrated for tropical or cold-water envi-
ronments. Lastly, SFM’s two-layer vertical resolution limits its
ability to simulate fine scale vertically separated processes;
however, the elegant simplicity of this scheme (e.g., Billen et al.,
1989) adds to the model’s flexibility as a linked component in 3D
biophysical models and as a tool in stand-alone applications.


http://www.epa.gov/athens/wwqtsc/html/wasp.html

D.C. Brady et al. / Estuarine, Coastal and Shelf Science 117 (2013) 107—124 123

4.6. Highlights

This paper illustrates the simulation skill and flexibility of
application for the stand-alone version of SFM with a focus on
analyzing sediment—water fluxes of NHZ, NO3, Nz and Oy. The
model uses an efficient two-layer structure and a formal accounting
of key biogeochemical processes to compute mixing and reaction
rates within the sediment and solute fluxes across the sediment—
water interface. Here we have demonstrated a range of ways that
the model can complement field measurements to estimate
unmeasured processes, missing data and boundary conditions, and
it can be used to address research questions about sediment
diagenesis through scenario simulations. A few specific examples
are mentioned below to highlight the value of this model.

e Rates of POM deposition, which are difficult and expensive to
measure in shallow coastal waters, can be estimated using SFM
in conjunction with seasonal and regional measurements of
sediment—water NH; fluxes. In this study we found that
model-calculated rates of annual mean POM deposition closely
matched estimates from field deployments of sediment traps,
and interannual variations in modeled POM deposition agreed
well with field rates derived from sediment chlorophyll-
a distributions.

e Robust model validation has been demonstrated using
multiple lines of evidence and types of field data including
porewater NH, concentrations, sediment—water NH; fluxes,
labile sediment carbon content, sediment oxygen demand, and
sulfate reduction rates.

e With data on overlying water concentrations and sediment—
water fluxes of NH;, NO3, and Oy, the model can be used to
compute key unmeasured processes like denitrification and
sulfate reduction.
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